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Abstract
We studied the behavior of mercury in acid mine drainage (AMD) and in portions of the Ur River affected and non-affected 
by AMD near the Ursk sulfide tailings (Siberia) before (2007–2009) and after (2011–2019) the beginning of tailings repro-
cessing operations. Mercury occurs in water as dissolved plus colloidal (Hgdc) and colloidal (HgC) species or is adsorbed on 
suspended particles (Hgsusp). The mercury species were classified as either reactive (HgR) or non-reactive (HgNR), depending 
on their capacity to reduce to Hg0 by reacting with SnCl2. The composition and pH of the AMD and river waters change 
downstream of the AMD input. Mercury concentrations ranged from 1.8 to 89 μg/L (for the entire monitoring period) and 
increased with AMD pH. High-pH conditions are unfavorable for the precipitation of jarosite, which can adsorb Hg from 
water, and thus mercury remains mobile. HgNR is more abundant than HgR in the river and in AMD particulates. Non-reactive 
mercury in the river water is associated with CH3Hg+, which correlates with total organic carbon (TOC), while Hg in the 
AMD samples is bound to HgS(s), m-HgS(s), HgSe(s), and Hg-jarosite. HgR species are associated with particulates in all 
water bodies as Hg0

(liq), Hg(OH)2(aq), HgCl2(aq), and Hg2+ adsorbed by OH groups on the surfaces of mineral grains. Judging 
by the TOC concentration and the pH and Eh of river water, which local people use for fishing, Hg is prone to methylation 
upstream and downstream of the AMD input. The Hg enrichment of local surface waters is due to both a naturally elevated 
background in a Hg-rich province and to the mining and processing operations.

Keywords  Acid mine drainage · Natural surface waters · Mercury species · Pollution · Long-term monitoring

Introduction

Environmental problems associated with acid mine drainage 
(AMD), especially the behavior of metals and potentially 
toxic elements (As, Hg, etc.), have attracted much research 
interest (Al et al. 2006; Boulet and Larocque 1998; Dutta 
et al. 2020; Gustaytis et al. 2010, 2013; Lazareva et al. 2002; 
Lusilao-Makiese et al. 2013). However, less attention has 
focused on the speciation of elements (Bavec et al. 2014; 
Kim et al. 2004) as bioavailability and toxicity proxies 
(Galán et al. 2003; Najamuddin et al. 2016; Sundaray et al. 
2011), which are more informative than total concentrations.

High-sulfide tailings contain up to 0.7% mercury (Gus-
taytis et al. 2016), a very dangerous neurotoxin (Gustaytis 

et al. 2010, 2013, 2018, 2021; Gutiérrez-Mosquera et al. 
2021; Qiu et al. 2013; Willis et al. 2019). Mercury occurs 
as diverse chemical species that experience especially active 
transformations in aqueous systems such as rivers, natural 
and manmade lakes, and wetlands (Bonzongo et al. 2006; 
La Colla et al. 2019).

Mercury has three main oxidation states: Hg0, Hg+, and 
Hg2+; the latter is mainly bound to suspended particles or to 
dissolved organic matter (Ravichandran 2004) and is more 
abundant than Hg+ in natural systems (Beckers and Rinklebe 
2017). Water systems can contain Hg as inorganic or organic 
complexes (fulvic, etc.), Hg-organic compounds like mono- 
or dimethyls, or other substances with covalent Hg–C bonds 
(Laperdina 2000). Mercury can form complexes with fulvic 
or humic acids, which are, respectively, soluble or insolu-
ble in water (Dobrovolsky 2004), and Hg complexed with 
humic and fulvic acids can be adsorbed on suspended par-
ticles (Ullrich et al. 2007). By reacting with methyl groups 
in fulvic and humic acids (Ullrich et al. 2001; Ravichandran 
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2004), inorganic mercury species may convert to extremely 
toxic methylated forms (methylmercury).

Mercury interacts with solid phases by the mechanisms of 
ion exchange, complexation (with humic acids), or adsorp-
tion onto clay or other minerals. Furthermore, clay particles, 
iron and manganese hydroxides, metal humates, and seston 
(biotic and abiotic suspended particulates) can form colloids 
that adsorb mercury electrostatically (Ullrich et al. 2007).

Methylmercury is unstable under anaerobic conditions, 
such as in bottom sediment, and can convert to other organic 
compounds in the presence of H2S (Baldi et  al. 1995). 
Importantly, complexation of organic and inorganic Hg com-
pounds with low-molecular-weight dissolved organic mat-
ter and thiols (thiovanic and thiopropion acids, cistein, and 
glutathion) can be mediated by bacteria (Jaliehvand et al. 
2006; Kõszegi-Szalai and Paál 1999; Leung et al. 2007). 
Furthermore, Hg in sulfidic waters produces inorganic 
sulfides (HgS(s)) and polysulfides, e.g. mononuclear com-
plexes (Hg(SH)2(aq)), or mixtures of mercury chlorides and 
sulfides (HgClSH(aq)) (Paquette and Helz 1997).

Both CH3Hg (II) and Hg (II) in soil and dissolved organic 
matter can bind with sulfur reduced by microorganisms 
(Hesterberg et al. 2001; Qian et al. 2002; Xia et al. 1999). 
Sulfate ions maintain Hg methylation in the presence of sul-
fate-reducing bacteria in bottom sediments (Gilmour et al. 
1992) and peat soils (Branfierun et al. 2001). In this respect, 
the concentrations of natural organic matter and sulfur in 
soils or bottom sediments affect the mobility and stability 
of Hg.

Mercury associated with particulate matter in natural 
waters can be reactive (HgR) or non-reactive (HgNR). The 
classification for particulate matter reactivity is based on 
analytical treatment (Lindqvist and Rodhe 1985), whereby 
reactive Hg compounds are reduced to Hg0 by SnCl2 in 
acidic solution, while non-reactive Hg compounds are 
reduced to Hg0 by NaBH4 in alkaline solution. The reactive 
species and compounds include Hg2+, HgX2, HgX3

-, and 
HgX4

2− (X = Cl–, OH–, Br–), HgC2O4 (Hg(II) oxalate), and 
Hg2+ complexed with organic acids, while the non-reactive 
compounds are Hg(CN)2, HgS, Hg(II) bound with sulfur 
in humic compounds, CH3Hg+, CH3HgCl, CH3HgOH, and 
Hg bound with other organic substances. Non-reactive com-
pounds can be transformed into reactive by concentrated 
HNO3 (Lindqvist and Rodhe 1985). The sum of Hg2+ and 
Hg0 is sometimes called inorganic mercury (Ferrari et al. 
2000), which is determined as reactive mercury based on 
Hg2+ reduction to Hg0 with SnCl2/HNO3 solution. However, 
it appears not quite correct to consider HgR and HgNR as 
purely inorganic mercury, because Hg-organic compounds 
and complexes (including those with Hg2+) are present in 
both groups. The Hg-organic species are defined as those 
where Hg has covalent bonds with at least one carbon 
atom (World Health Organization 1990). In the study of 

Umezaki and Iwamoto (1971), inorganic and organic mer-
cury were determined simultaneously. The procedure began 
with reducing inorganic mercury compounds by Sn(II) in 
2 N sulfuric acid solution containing chloride ion; then both 
inorganic and organic mercury compounds were reduced by 
Sn(II) in 1 N sodium hydroxide solution containing traces of 
cupric ion; finally, the concentration of organic mercury was 
calculated from absorbance difference. Meanwhile, knowing 
total concentrations of mercury is less important for under-
standing the behavior of Hg in supergene environments than 
its speciation, because Hg species differ in environmental 
mobility.

The accumulation and speciation of mercury in water and 
sediments are controlled by such essential environmental 
parameters as pH, Eh, and concentrations of organic car-
bon and sulfur (Skyllberg et al. 2003). Correspondingly, the 
behavior of mercury can be studied by monitoring seasonal 
and long-term variations of these general parameters (Liu 
et al. 2017; Xu et al. 2019).

The aim of this study was to examine the long-term 
behavior of Hg and its dissolved, colloidal, and suspended 
species in the AMD – Ur River system to assess the impact 
of geochemical processes and long-term industrial activity 
on mercury pollution of natural river ecosystems. We report 
the results of long-term AMD monitoring in the Ursk tail-
ings and the Ur River (Inya River tributary) in the Kemerovo 
region (southwestern Siberia, Russia). The Ursk tailings 
(consisting of sulfide and oxide wastes) and the down-gra-
dient surface waters are good targets to study the distribu-
tion, speciation, and mobility of mercury (Hg2+, CH3Hg+, 
HgS/HgSe) in a natural system affected by gold sulfide min-
ing and refinement (e.g. cyanide leaching) operations. The 
mobility of mercury in natural waters depends on various 
geochemical conditions. In our case, natural organic matter 
in a swampy ravine at the Ursk site creates complexes with 
Hg, Au, Ag, Zn, and other elements (Lazareva et al. 2019; 
Myagkaya et al. 2016b, 2019; Saryg-ool et al. 2017). In addi-
tion, Hg mobility is affected by interaction with particulates 
(iron hydroxides) produced by the reaction of AMD with 
the Ur River water and the resulting pH and Eh changes in 
the river (Myagkaya et al. 2016a). This is the first examina-
tion of Hg behavior in aquatic systems and its natural and 
anthropogenic effects in this region.

Study Area

The Ursk tailings site, located at 54°27′11.03′′ N, 
85°24′09.76′′ E near Ursk Village in Siberia, stores wastes 
left by cyanide leaching of pyritic and auriferous complex 
ores of the Novo-Ursk deposit in the Ur ore field of the 
northern Salair Ridge (Altai-Sayan Mountains). The Ur 
field belongs to one of seven large volcano-plutonic belts 



439Mine Water and the Environment (2022) 41:437–457	

1 3

and includes the Salair and Ur structures, which have many 
developed mines. The Novo-Ursk deposit of gold associated 
with pyrite, sphalerite, chalcopyrite, galena, arsenopyrite, 
tennantite, and cinnabar (Lazareva et al. 2019; Tokarev et al. 
2004) was mined by open-cast operations about 90 years 
ago. Mercury was originally present in the ore as cinna-
bar (HgS) and fine Hg telluride (HgTe) and Hg selenide 
(HgSe) inclusions in pyrite and barite. Some mercury in 
pyrite occurs as an isomorphic impurity or as HgCl2 and Hg0 
adsorbed on crystal defects (Gustaytis et al. 2010).

The sulfide-bearing waste rock at the Ursk site was 
dumped in two 10–12 m high piles of sulfide (wastes I) and 
oxide (wastes II) material, in the headwaters of a natural 
ravine (Gustaytis et al. 2010, 2013, 2018; Korzhuk et al. 
2021; Myagkaya et al. 2013, 2016a, b, 2019; Saryg-ool et al. 
2017). The main minerals in the waste rock dumps include 
barite, pyrite, and quartz in wastes I and quartz, barite, and 

jarosite, with sporadic gypsum and goethite, clay aluminosil-
icates, and less abundant pyrite in wastes II. The rock-form-
ing minerals in the waste rock were previously characterized 
(Myagkaya et al. 2016a). Since 2011, the sulfide waste rock 
has been reprocessed to recover barite at a plant built by 
the OOO Barit company near a quarry that was formerly 
used to mine the Novo-Ursk sulfide deposit but was flooded 
when the mine was abandoned (quarry lake, location M3 
in Fig. 1). Currently the lake receives no mine-influenced 
waters but rather serves as a water source for the processing 
plant. OOO Barit company diverted the wastewaters toward 
the dumps, the tailings, and the ravine.

Most of the sulfide waste rock has been reprocessed and 
the wastewater is being discharged into a creek that flows 
through the tailings to the Ur River, a tributary of the Inya 
River. Another historic mining site in the area remains in 
the Ur River valley where placer gold was dredged in the 
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Fig. 1   Location of the Ursk gold mining area (54°27′11.03′′ N, 
85°24′09.76′′ E) and sampling stations for natural waters and 
AMD around the Ursk tailings. Legend: 1 = Ursk Village; 2 = for-

est; 3 = meadow; 4 = cropland; 5 = waste rock dumps; 6 = tailings; 
7 = swampy ravine of the tailings; 8 = rivers and ponds; 9 = roadways; 
10 = monitoring stations; 11 = additional sampling stations of 2019
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past. The dredging facilities included an impoundment of 
AMD supernatant that still exists near the former dumps 
and is about 600 m from the two dumps of sulfide and oxide 
wastes (location M6 in Fig. 1). The impoundment has red-
dish bottom sediments and is surrounded by piles of lime-
stone gravel. Another pond remaining after placer gold sluic-
ing is located 3 km downstream of the drainage creek input 
to the Ur River (dredge pond, location M9 in Fig. 1). The 
metal structures of the abandoned dredging site were only 
removed in 2018.

The creek that drains the Ursk tailings and flows into 
the Ur River is acidic (pH ≈ 2) due to interaction with the 
sulfide waste rock and consequently becomes an acid mine 
drainage (AMD) stream (locations M4-M5 in Fig. 1). Mate-
rial in the two waste rock dumps, which are exposed to rain-
fall, spring floods, winds, and drainage, has been transported 
to the swampy ravine, which has remnants of decayed sedge 
and bulrush (peat mounds) and tree stumps. The degraded 
sedge mounds comprise natural organic matter that is buried 
under or is in places above the wastes. The swampy ravine 
of the tailings, 50–760 m by 250 m, consists of three zones; 
the middle zone (≈130 m from the waste rock dumps) is 
topographically divided into the western and eastern parts, 
which mainly include sulfide and oxide wastes, respectively. 
The area is heavily polluted (Gustaytis et al. 2010, 2018, 
2021; Myagkaya et al. 2013, 2016a, b, 2019, 2021; Saryg-
ool et al. 2017, 2020).

The climate in the area is continental, with long and cold 
winters and short and relatively warm summers. The winds 
are mostly from the southwest and south, at a mean annual 

speed of 1–6 m/s, with gusts of 25–30 m/s. The mean tem-
perature of near-surface air in the warmest month (July) 
is + 18 °C over most of the site. The coldest month is Janu-
ary, when the mean temperature drops to –19.2 °C, with 
an absolute minimum of – 45 °C to – 48 °C. The warm 
season, with > 0 °C mean daily temperatures, usually lasts 
from about 10 April to 10 October, 175–195 days on aver-
age, including 96 frost-free days when air temperatures are 
consistently above 0 °C (Gustaytis et al. 2018).

Materials and Methods

Sampling and Sample Preparation

The surface waters in the Ursk area were sampled in sev-
eral campaigns from 2007 to 2019 in summer months (June, 
July). Between 2007 and 2014, sampling was performed at 
10 main monitoring stations (M1–M10 in Fig. 1) in the 
River Ur and its tributaries, as well as in the ponds, the 
quarry lake, and the AMD stream. The locations are shown 
in Fig. 1 and briefly described in Table 1. The impoundment 
of AMD supernatant (point M6) was only filled with water 
in 2009, 2011, and 2014. Stations M3 (quarry lake) and M4 
(AMD) were only sampled in 2016. Additionally, several 
other stations (A1–A7, Fig. 1; Table 1) were sampled in 
2019.

The sampling campaigns were conducted before and after 
the Barit processing plant began operating in 2011: in 2007, 
2008, 2009 (stage I) and in 2011, 2012, 2014, 2016, and 

Table 1   Sampling stations for 
AMD and natural waters not 
affected and affected by AMD 
in the swampy ravine of the 
Ursk tailings

Main station Additional station Location

Natural waters (not affected by AMD)
 M1 A1, A3 Ur River (headwaters)
 – A2 Dmitrievka River
 – A4 A tributary of the Ur River Natural creek
 M2 – Pond on natural creek
 M3 – Quarry lake (tailings site)
 – A5 Ur River

Acid mine drainage (AMD)
 M4 – Headwaters of AMD (at dumps)
 M5 – Middle part of AMD (0.5 km to dumps)
 – A6 Lower part of AMD (0.7 km to dumps)
 M6 – Impoundment of AMD supernatant (lower part of swampy 

ravine)
Natural waters (affected by AMD)
 M7 – AMD input into Ur River
 M8 – Ur River at different distances to AMD 1 km
 M9 – 3 km (dredge pond)
 M10 – 5 km
 – A7 9 km
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2019 (stage II), respectively. Furthermore, the campaigns 
of 2014, 2016, and 2019 postdated the onset of production 
from the Zvonchikha gold placer mine (2014) at the head of 
the natural creek flowing into the Ur River (M2 and A4 in 
Fig. 1, Table 1).

Mercury speciation in the water system was determined 
using the existing classification (Howe and Clark 2002; 
Wang et al. 2003), by successive filtering through 0.45 μm 
and 0.20 μm cellulose acetate membrane filters (Sartorius 
Stedim, Germany). The mercury species in the filter residue 
from the two steps were, respectively, suspended (0.45 μm 
filtrant residue) and colloidal (0.20 µm filtrant residue), 
while the final decanted solution (0.20 µm filtrate) con-
tained operationally dissolved species only. The concentra-
tion of Hg in the dissolved + colloidal (Hgdc) and suspended 
(Hgsusp) fractions were measured in all surface water sam-
ples collected in 2008, 2009, 2012, and 2014, while the 2019 
samples were additionally analyzed for Hg in the dissolved 
(HgD) and colloidal (HgC) fractions. The total mercury con-
centration (Hgtotal) in the water samples was analyzed in 
unfiltered samples from all campaigns, but was calculated 
as the sum of the respective fractions in the years when the 
Hgdc, Hgsusp, HgD, and HgC mercury species were analyzed. 
The Hgtotal, as well as Hgdc and Hgsusp, data for stages I and 
II were averaged to better highlight the main trends.

The pH and oxidation–reduction potential (ORP) values 
of water samples were measured in situ using a portable 
Anion 7051 water analyzer (Infraspak-Analit, Russia) that 
allows no more than six-point calibration. In our case, the 
calibration was four-point, with standard buffer solutions 
of pH = 1.68, 4.01, 6.86, and 9.18 (State Standard 2004). 
The ORP values were corrected using the value of the 
standard hydrogen electrode (200 mV value was added to 
the measured ORP) as Eh. The instrument errors did not 
exceed ± 0.02 s.u. for pH and ± 2 mV for Eh.

Major ion chemistry (Na, Mg, K, Ca, Al, Fe cations, and 
HCO3, SO4, Cl, and NO3 anions), as well as the concentra-
tions of organic (TOC) and inorganic (TIC) carbon, were 
determined in unfiltered water samples collected in polypro-
pylene test tubes. Pyrex borosilicate glass tubes were used 
for all samples for Hg analysis. Samples for the determina-
tion of cations and Hg in water were acidified with double-
distilled HNO3 (1 mL per 200 mL of water).

Preconditioning of Samples for Hgtotal, Hgdc, 
and HgD Measurements

Both unfiltered and filtered water samples for Hg assays 
were initially preconditioned using 1.5  mL of a 1:1 
H2SO4 + HNO3 mixture added to 50 mL of sampled water. 
Then the solution, with 3–4 drops of 5% KMnO4, was left 
overnight; excess KMnO4 was removed with 10% hydrox-
ylamine-sulfate (NH2OH)2·H2SO4 added drop-by-drop 

until the solution became clear. Oxidation and extraction 
of mercury with KMnO4 is commonly applied to environ-
mental samples (Agemian and Chau 1976).

Analysis of Hgsusp and HgC Fractions

The technique applied for digestion and analysis of resi-
due material on the filters (0.45 and 0.2 μm) was never 
described in our previous publications, but it is similar 
to the classical techniques used to determine Hg in soils 
and bottom sediments (Bock and Marr 1979). The residue 
on the filters was placed in a 100 mL conical vessel and 
digested in 5 mL of a 1:1 HNO3 + H2SO4 mixture, heated 
to 75–80 °C on a water bath under a lid for 2–3 h, cooled to 
room temperature, heated again for 2–3 h, with 0.2 mL 5% 
KMnO4, and left overnight. Excess KMnO4 was removed 
with 10% hydroxylamine-sulfate (NH2OH)2·H2SO4 added 
drop-by-drop until the solution became clear; then, the 
solution was diluted with distilled water till a volume of 
50 mL. The results were checked against standard bottom 
sediment samples of Baikal mud (BIL-1). The details of 
BIL-1, which is included in the Russian register of certi-
fied reference materials (CRM), were reported by Petrov 
et al. (1999).

Determination of HgR and HgNR in Particulate Matter

Reactive/non-reactive (or inorganic/organic) mercury can be 
determined in various ways (Bloom et al. 2003; Umezaki 
and Iwamoto 1971), by successively leaching groups of 
compounds at each step, as in the sequential leaching proce-
dures (Bloom et al. 2003). In the absence of reliable chemi-
cal methods for separation of organic and inorganic mercury, 
we used the HgR vs. HgNR rather than organic vs. inorganic 
division (Lindqvist and Rodhe 1985).

The HgR and HgNR species were determined in particu-
lates (suspended matter), bearing in mind that mercury can 
change from dissolved to particulate species and adsorb on 
or associate chemically with iron hydroxides and organic 
compounds present in surface waters. We modeled the reac-
tion of AMD with particulates to see whether the latter can 
ensure secure immobilization of Hg. Reactive mercury spe-
cies (HgR) were analyzed using the method of Umezaki and 
Iwamoto (1971), in first-filtered samples (0.45-μm) with 
added 10 mL 2 M H2SO4, which were heated to 75–80 °C 
in a water bath for 2–3 h and cooled down; then the solu-
tion was diluted with distilled water to a volume of 50 mL. 
The concentrations of HgNR were determined in second-filter 
samples (0.45-μm) digested in a 1:1 HNO3 + H2SO4 mixture, 
from absorbance difference between Hgsusp and HgR after the 
flame atomic absorption spectroscopy (FAAS) assay.
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Instrumentation

The anion composition of water samples was determined by 
capillary electrophoresis (CE) on a Kapel 103P instrument 
(Lumex, Russia). The detection limits ranged from 0.1 to 
10 mg/L for different ions, and the accuracy was 15%.

Total organic carbon concentrations (TOC) were measured 
on an AG Multi N/C 2100S analyzer (Analytik Jena, Ger-
many), which had an accuracy of 10% and a detection limit 
of 0.05 mg/L. The detection limit was estimated using blank 
samples (distilled water in test tubes similar to those used for 
field sampling of river and mine-influenced waters).

Cations in waters sampled in 2007–2016 were analyzed 
by FAAS. The FAAS assay was performed on a Solar M6 
spectrometer with Zeeman and deuterium background correc-
tion systems (Thermo Electron, USA). The accuracy was 35% 
for element concentrations of 0.05 mg/L and ± 10% for higher 
concentrations up to 0.1 mg/L, at P = 0.95 confidence probabil-
ity. The cations in the 2019 water samples were determined by 
inductively coupled plasma mass spectrometry (ICP-MS) on 
an Agilent 7500 spectrometer (Agilent Technologies, USA). 
The accuracy was 5% at P = 0.95.

The Hg concentration in the water samples and in the pre-
pared solutions was measured by the cold vapor method, using 
SnCl2 as a reducing agent, with subsequent FAAS assay on a 
RA-915 M analyzer with a RP-92 system (Lumex, Russia). 
The detection limit was 0.01 μg/L, and the accuracy was 20%.

The contents of HgR and HgNR were determined in the solid 
and recalculated by the volume of the filtered solution, so the 
detection limits were lower (about 0.001 μg/L).

Statistical Data Analysis

The processing of statistical data (mean, minimum and 
maximum values, and correlation coefficients) was carried 
out using Excel software and its data analysis package. The 
minimum, maximum, and mean Hgtotal, Hgdc, and Hgsusp were 
calculated over three measurements during stage I and five 
measurements at stage II.

The calculated correlation relationships and the significance 
of the coefficients were assessed by the Pearson test followed 
by comparison with Student's T test. The relationships were 
namely: (i) TOC/TIC and Fe/Al vs. Hg concentrations in 
fractions (HgC, HgD, Hgsusp) at N = 16 for AMD and natural 
waters (not affected and affected by AMD) and (ii) TOC/TIC 
vs. HgR and HgNR concentrations at N = 4 for natural waters 
not affected and affected by AMD.

Results

Major Ion Chemistry

The major ion chemistry of the natural water and waste-
water bodies sampled in the summer months varied only 
slightly during the period of observation (2007–2019; 
Table 2). The water of the Ur River upstream of the AMD 
input (M1, Table  2) has a Mg–Ca–HCO3 chemistry. 
The TDS, pH, and HCO3 values decreased, while TOC 
increased with time (Table 1). The higher pH water of the 
pond on the natural creek (M2, Table 2) affected by the 
Zvonchikha mine had increased concentrations of HCO3, 
K, Na, Mg, Ca, and Fe over time, while TOC concentra-
tions decreased slightly.

The quarry lake (M3, Table 2) showed increasing con-
centrations in most of the measured parameters (pH, Eh, 
TDS, K, Na Mg, Ca, Fe, as well as all anions), which also 
became higher than in the Ur River; some values increased 
at least two-fold, and the pH increased from 7.9 to 8.7. 
Higher values of the parameters in 2019 may be due to 
water withdrawal for the OOO Barit operations, with the 
respective inputs of more alkaline groundwaters into the 
quarry (Table 2).

The AMD water chemistry beneath the tailings (M4, 
Table 2) changed with time relative to the results of 2007: 
in 2019, the pH increased by a factor of 1.8, whereas TDS 
values were decreased by a factor of 2.2. The AMD water 
chemistry changed from Al–Fe–SO4 to Al–Ca–Mg–SO4 
type due to Ca–Mg increases and Fe–Al decreases. Sulfate 
concentrations likewise decreased by a factor of 2.5.

In the lower part of the AMD stream (M5, Table 2), the 
pH, TDS, SO4, Fe, and Al values were similar to those in 
the headwaters (M4, Table 2). Only pH, TDS, Mg, and 
Al changed from 2007 to 2019, in the same way as at 
M4. The TOC concentration (Table 2) in the AMD stream 
decreased with distance from the tailings and time (by 
2019), and is inversely proportional to pH (like TDS) 
in both cases. Lower-pH AMD waters can more easily 
remove organic matter from soil and peat material (Mar-
tynova 2011). Furthermore, dilution with wastewater from 
the Barit plant is also possible.

The impoundment samples (M6, Table 2) are of the 
Al–Fe-SO4 type and are chemically similar to AMD (M4-
M5, Table 2) but contain higher TOC concentrations, pos-
sibly due to dead leaves from birches growing around the 
M6 station.

The Ur River downstream of the AMD input (M7, 
Fig.  1) has higher solute concentrations than at the 
upstream locations (M1 and M2): TDS concentrations 
are 1.2–1.6 and 1.6–2.7 times higher, respectively. The 
increase was from 1.2 to 2.7 times in June 2011, in 
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Table 2   Characteristics of 
AMD and natural waters 
upstream and downstream of 
AMD input into the Ur River, 
sampled in three campaigns of 
July 2007, June 2011, and July 
2019)

Each value in the table represents one sampling
AMD acid mine drainage, s.u. standard pH units, n.a. not analyzed, TOC total organic carbon, Hgdc Hg in the 
dissolved + colloidal fraction, Hgsusp Hg in the suspended fraction, HgR reactive mercury species, HgNR non-
reactive mercury species
Sampling locations are characterized in Table 1  and in Fig. 1

Parameter Year M1 M2 M3 M4 M5 M6 M7 M8 M9 M10

pH (s.u.) 2007 8.6 n.a 7.9 1.9 2.1 n.a 7.6 8.0 8.2 7.3
2011 8.1 8.6 7.4 2.2 2.7 2.4 7.6 7.7 7.6 7.6
2019 7.1 8.4 8.7 3.3 3.1 n.a 8.0 7.8 7.7 7.7

Eh, mV 2007 363 n.a 409 678 698 n.a 421 401 407 414
2011 515 440 530 655 701 666 523 415 440 455
2019 n.a n.a n.a n.a n.a n.a n.a n.a n.a n.a

TDS, g/L 2007 0.43 n.a n.a 5.7 n.a n.a 0.40 0.40 0.35 0.34
2011 0.34 0.16 0.21 5.0 4.4 3.2 0.42 0.36 0.24 0.32
2019 0.30 0.30 0.35 2.6 2.5 n.a 0.47 0.46 0.47 0.46

Na, mg/L 2007 6.8 n.a 8.1 13 n.a n.a 6.7 6.8 6.2 5.7
2011 7.2 4.2 9.8 11 8.9 12 6.4 6.0 3.0 5.5
2019 7.2 6.4 15 14 14 n.a 7.6 7.5 7.0 5.5

Mg, mg/L 2007 12 n.a 7.0 79 n.a n.a 11 10.5 8.7 9.8
2011 10 4.1 7.8 120 53 100 10 10 5.0 9.6
2019 21 15 19 120 120 n.a 22 22.5 22 18

K, mg/L 2007 1.0 n.a 2.7 1.1 n.a n.a 1.3 0.9 0.98 0.68
2011 1.7 0.88 4.5 0.52 1.2 0.37 1.2 1.1 0.44 1.0
2019 0.55 1.2 11 0.15 0.1 n.a 2.2 2.2 4.6 2.15

Ca, mg/L 2007 53 n.a 35 29 n.a n.a 59 57 36 52
2011 56 29 42 150 250 170 70 68 82 65
2019 72 80 100 250 250 n.a 130 136 138 139

Al, mg/L 2007 0.09 n.a 0.03 250 n.a n.a 1.5 0.10 0.09 0.04
2011 0.05 0.05 0.05 277 90 230 0.05 0.32 0.19 0.25
2019 0.02 0.01 0.02 18.5 20 n.a 0.11 0.13 0.02 0.01

Fe, mg/L 2007 0.3 n.a 0.03 770 n.a n.a 0.02 0.07 0.22 0.06
2011 0.01 0.02 0.01 870 57 690 0.01 0.01 0.01 0.04
2019 0.14 0.07 0.14 277 280 n.a 0.21 0.17 0.19 0.17

HCO3, mg/L 2007 340 n.a n.a 5.0 5.0 n.a 290 305 290 260
2011 250 100 66 4.2 6.3 0.5 260 230 130 201
2019 186 172 95 25 0.5 n.a 285 260 270 280

SO4, mg/L 2007 3.0 n.a n.a 4500 810 n.a 12 7.6 2.6 2.0
2011 14 16 63 3600 3390 1900 72 36 17 33
2019 9.9 13 88 1830 1810 n.a 20 31 32 16.5

Cl, mg/L 2007 11 n.a n.a 20 20 n.a 12 9.5 6.6 5.1
2011 1.3 3.4 18 13 14 13 2.5 2.8 1.3 4.6
2019 1.7 0.15 23 21 17 n.a 2.7 2.5 2.1 1.4

NO3, mg/L 2007 4.5 n.a n.a n.a n.a n.a n.a n.a 1.6 4.7
2011 n.a n.a n.a n.a n.a n.a n.a n.a n.a n.a
2019 0.5 0.15 2.0 20 14 n.a 1.3 1.3 0.15 0.15

TOC, mg/L 2007 n.a n.a n.a n.a n.a n.a n.a n.a n.a n.a
2011 5.7 12.7 5.9 14 9.5 10.5 4.0 5.0 5.6 5.6
2019 8.5 9.6 6.0 5.7 6.3 n.a 5.4 5.7 7.2 5.4

Hgtotal, μg/L 2007 0.02 n.a 0.28 16 7 n.a 0.12 0.40 0.17 0.12
2011 0.02 0.02 n.a 39 15 5 n.a n.a n.a 0.03
2019 n.a 0.32 0.32 40 25.8 n.a 1.5 0.65 0.10 0.16

Hgdc, μg/L 2019 n.a 0.24 0.06 38 22 n.a 0.75 0.07 0.09 0.15
Hgsusp, μg/L 2019 n.a 0.08 0.27 1.6 3.5 n.a 0.71 0.58 0.01 0.01
HgR, μg/L 2012 0.016 n.a 0.006 0.42 0.09 n.a 0.02 n.a n.a 0.004
HgNR, μg/L 2012 0.18 n.a 0.053 9.9 3.2 n.a 0.08 n.a n.a 0.014
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different water bodies in the Ur upper reaches, and by a 
factor of 1.6 in July 2019. The increase in the summer of 
2011 was related to the beginning of the Barit reprocess-
ing operations. The SO4 concentrations were the highest 
in that year, but Al and Fe concentrations were near the 
minimum. The low Fe and Al concentrations may be due 
to the formation of Fe and Al hydroxide solids. Down-
stream of the AMD input, the major ion chemistry changed 
from Mg–Ca–HCO3 to Mg–Ca–SO4–HCO3, and the SO4 
concentrations decreased with time. The trends from 2007 
to 2019 (summer season) were: increased K, Na, Mg, Ca, 
SO4, Fe, TOC, but decreased Al and Cl.

The Ur River water at 1, 3, and 5 km downstream of 
the AMD input (M8-M10, Table  2) is a Mg-Ca-HCO3 
type water. The contribution of SO4 to the water chemis-
try became more noticeable after the OOO Barit operation 
started in summer of 2011 than it was before. The major 
ion chemistry of the Ur water at M8-M10 approached the 
upstream values (M1–M2) only in July 2007. After the sum-
mer of 2011, the water at any distance away from the AMD 
input had higher TDS, Ca, Al, HCO3, SO4, and Cl values, 
especially in 2019 (Table 2).

Hg Patterns in the Ur River—AMD System

The Hgtotal concentrations in the Ur River and its tribu-
tary upstream of AMD (M1 and M2) before 2011 (stage 
I) were below or near detection (< 0.01 μg/L) and reached 
0.03 μg/L only in May 2009. Values remained at that level 
after 2011 (stage II), in all years except July 2019 when 
Hgtotal concentrations at M2 became more than 10 times 
higher (0.32 μg/L), which affected the average M1 + M2 
value (Fig. 2). When Hgtotal concentrations exceeded the 
detection limit, most of the mercury was transported in the 
dissolved + colloidal (Hgdc) form: 72.8 and 75.5% of Hgtotal 
during stages I and II, respectively (M1 + M2 in Fig. 2).

In the quarry lake (M3), the Hgtotal concentrations were 
higher than in the Ur River; values were also higher before 
than after 2011 (Fig. 2). The fractionation likewise changed: 
Hgdc predominated at stage I (0.16–0.59 μg/L, 36–96% of 
Hgtotal, 65.8% on average) but decreased to 0.06–0.13 μg/L 
(20–30% of Hgtotal) during stage II (Fig.  2, M3). The 
decrease may be due to water withdrawal for the Barit plant, 
which lowered water levels/volumes in the quarry lake. The 
withdrawn portion of water likely caused an increase in input 
to the quarry lake from lower-Hg groundwater. The pH in 
the lake increased from 7.1 (stage I) to 7.8 (stage II) and 
increased further to 8.7 in July 2019 (Table 2).

The AMD seeping from under the tailings (M4) 
showed the highest Hgtotal values (Table 2; Figs.  1, 2): 
11.4 to 16 μg/L in different years during stage I (average 
13.2 μg/L) and 25.5 to 89 μg/L (48.8 μg/L on average) 
during stage II. The Hgdc fraction was slightly higher than 

Hgsusp (7 vs 5 μg/L) and was 58% of Hgtotal before 2011, but 
reached > 95% in July 2014 and July 2019; the percentages 
of the two fractions were equal only in August 2012 when 
Hgtotal (25.5 μg/L) concentrations were the lowest. The oper-
ations of OOO Barit (including diverting the wastewaters 
toward the dumps, tailings, and ravine) likely led to mercury 
increase in AMD, especially Hgdc (Fig. 2).

Samples from the AMD middle part (M5) contained nota-
bly lower concentrations of Hgtotal than at M4: 4.5–7 μg/L 
(6.0 μg/L on average) during stage I and 1.8–25.8 μg/L 
(average 14 μg/L) during stage II (Figs. 1, 2). The fractiona-
tion changed from equal portions of Hgdc and Hgsusp during 
stage I to a prevalence of Hgdc at stage II (Fig. 2).

The impoundment samples (from M6) contained 
0.38 μg/L Hgtotal in May 2009, 5 μg/L in June 2011, and 
0.46  μg/L in July 2014; the average over stage II was 
2.7 μg/L (Figs. 1, 2), though the number of measurements 
at station M6 was insufficient to infer a statistically mean-
ingful trend. The Hgtotal values are much less than in AMD 
discharged into the impoundment (Fig. 2, M6). The fractions 
were analyzed only in July 2014, when up to 65% of mercury 
occurred in the suspended form (Hgsusp).

The Hg concentrations in the Ur river at the AMD input 
(M7) were higher than elsewhere in the river and increased 
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with time from 0.12 to 0.45 μg/L (average 0.25 μg/L) dur-
ing stage I to 0.28–1.46 μg/L (0.85 μg/L on average) during 
stage II (Table 2; Figs. 1, 2). The Hgdc fraction at stage I was 
relatively stable (0.13–0.16 μg/L), but the percentage varied, 
from 30 to 65%, as did the Hgsusp values (0.054–0.3 μg/L). 
The Hgdc values at stage II varied from 0.084 to 0.75 μg/L 
and from 19.5 to 51.4%. The averaged values in the two 
periods were, respectively, 31 and 39%. Thus, although the 
total Hg concentration increased after 2011, much of it was 
bound to particulate matter and precipitated in the sediment 
as the river current is slow. The reaction of AMD with the 
river water produced ochreous phases (Fe and Al oxides and 
hydroxides, and various sulfate minerals), which can be eas-
ily mobilized during rainfalls and floods.

The average Hgtotal concentrations in the Ur River 
1 km downstream of AMD (M8, Figs. 1, 2) were 0.45 and 
0.40 μg/L during stages I and II and ranged from 0.31–0.64 
and 0.16–0.65 μg/L, respectively. However, the Hgdc fraction 
was only 20% at stage I and increased to 83% (on average) 
during stage II.

The Ur River 3 km downstream of AMD (M9) con-
tained ≤ 0.23 μg/L Hgtotal in all years except in June 2008 
(1.53 μg/L), which increased the average over stage I to 
0.64 μg/L (Figs. 1, 2). In May 2009, the Hgdc fraction was 
as high as 93% of the total value, but the high total Hg con-
centration in June 2008 was mainly due to the Hgsusp fraction 
(61%; 0.9 μg/L), although the Hgdc value in June 2008 was 
likewise greater than in May 2009 (0.59 μg/L vs 0.21 μg/L). 
During stage II, the Hgtotal concentrations ranged from 0.1 to 
0.12 μg/L, with an average of 0.11 μg/L (Fig. 2), and Hgdc 
predominated over Hgsusp.

The Hgtotal concentrations in the Ur River 5 km down-
stream of the AMD input (M10, Figs. 1, 2) were higher than 
at M1 + M2 for the entire sampling period and averaged 
0.052 μg/L and 0.1 μg/L during stages I and II, respectively 
(ranging from 0.04 to 0.12 μg/L and < 0.02–0.16 μg/L). The 
Hgdc fraction predominated during both stages (Fig. 2, M10).

Mercury Fractionation and Speciation in the Ur—
AMD System.

Dissolved, Colloidal, and Suspended Hg Fractions

The dissolved, colloidal, and suspended Hg fractions were 
studied in July 2019. The average Hgtotal concentration in the 
middle reaches of the Ur River and its tributaries upstream 
of the AMD input (A1–A4, M2 in Figs. 1, 3) was 0.26 μg/L 
(0.1–0.37 μg/L), and the percentage of dissolved species 
(HgD) was 57%. The highest Hgtotal and HgD values (0.37 
and 0.25 μg/L) were recorded in the creek that drains the 
Zvonchikha gold placer area (Fig. 3, A4). The suspended 
fraction in the system was 32% of the total, while the colloi-
dal fraction was only 11%. Near the AMD input (A5, Figs. 1, 

3), Hgtotal was 0.52 μg/L, and the suspended fraction was 
61%. The area was quite strongly polluted with AMD judg-
ing by the Hgtotal increase with respect to the concentrations 
in the Ur River (headwaters) and its tributaries (M1–M2, 
Table 2; A1–A4), as well as in the Ur River at different 
distances from the AMD (M8–M10, Table 2).

In the quarry lake (M3, Figs. 1, 3), Hgtotal was 0.32 μg/L; 
84% was Hgsusp, 16% HgD, and HgC was below detection.

The highest Hg concentrations were in the AMD beneath 
the tailings, as in all previous years (M4, Figs. 1, 3), reach-
ing 40 μg/L, with 95.5% HgD and 0.2% HgC. The middle 
segment of the AMD contained 25.8 μg/L of Hgtotal (M5, 
Figs. 1, 3) and the lower part (A6, Figs. 1, 3) contained 
5 μg/L, while the percentages of Hgsusp (13.6% at M5, 49% at 
A6) and HgC (0.43% at M5, 4.3% at A6) fractions increased.

Ur river water had the highest Hgtotal concentrations 
(1.5 μg/L) at the AMD input (M7, Figs. 1, 3) in 2019 over 
the monitoring history, with almost equal HgD and Hgsusp 
percentages of 48 and 48.7%, respectively, and only 3% 
HgC. The Hgtotal concentrations in the Ur River remained 
as high as 0.65 μg/L 1 km downstream of the AMD input 
(Figs. 1 and 3; M8), with 89% Hgsusp and 3% HgC. Farther 
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downstream at stations M9, M10, and A7 (Figs. 1, 3) Hgtotal 
concentrations were lower (0.1–0.16 μg/L), at 78 to 87% 
HgD, while Hgsusp and HgC were below or near the detec-
tion limit, respectively. Therefore, the 2019 conditions were 
favorable for Hg transfer to particulate matter and its further 
precipitation to bottom sediment, with possible subsequent 
re-suspension during high flow.

Concentrations of C, Fe, and Al

The concentrations of total inorganic carbon (TIC) in surface 
water sampled in 2019 were different at all stations. In the 
Ur river, TIC values ranged from 60.5 to 72 mg/L upstream 
of AMD input (A1–A3, Fig. 3) and were slightly lower 
(50.2 mg/L on average) downstream of the input (M7–M10, 
A7, Fig. 3). The values in the natural creek and in the pond 
that receives wastewater from the Zvonchikha placer opera-
tion (A4, M2, Fig. 3) were twice as low as upstream. The 
TIC concentration in the Ur River immediately upstream of 
AMD input (A5, Fig. 3), where its influence is the greatest, 
was lower than at more upstream locations (A1–A3, Fig. 3). 
The TIC concentrations were also low in the quarry lake 
(Fig. 3, M3) and were the lowest in AMD itself (Fig. 3, M4, 
M5, M6).

The TOC concentration in the Ur River (headwaters) and 
the Dmitrievka River (A1–A3, Fig. 3) and in the wastewa-
ter from the Zvonchikha operation (4.2–8.3 mg/L; average 
6.4 mg/L) was one tenth the TIC concentrations and was 
greater than the respective values in the creek and in the 
pond that received the Zvonchikha wastewater (A4, M2, 
Fig. 3). Generally comparable TOC values were measured 
in the AMD-quarry lake (Fig. 3) and the lower–upper Ur 
River, while TIC values were about eight times the TOC 
concentrations.

The TIC values showed an inverse correlation with the 
HgD, HgC, and Hgsusp fractions, with r values from − 0.67 to 
− 0.54 (at α = 0.05). The correlation was the highest between 
Hgsusp and TIC (r = − 0.67), given the variability in Eh, pH, 
and major ion chemistry.

Iron concentrations varied slightly in natural waters not 
affected by AMD (Fig. 3, A1–A4, M2), increased immedi-
ately upstream of the AMD input to the river (Fig. 3, A5), 
and were notably higher downstream of the AMD input 
(Fig. 3, M6-M10, A7). Elevated Fe concentrations were also 
observed in the quarry lake and were at least three orders of 
magnitude higher in the AMD itself (Fig. 3, M4, M5).

Aluminum concentrations were below 0.01 mg/L in natu-
ral waters not affected by AMD (Fig. 3, A1–A4, M2), with 
the exception of A3, increased before the AMD input (Fig. 3, 
A5), and became still higher downstream (M6–M10, A7, 
Fig. 3); the values never attained the background over the 
sampled segment of the river. The Al concentrations were 
low in the quarry lake (Fig. 3, M3) and exceeded 10 mg/L 
in AMD (Fig. 3, M4, M5). Both Fe and Al correlated with 
mercury at r = 0.7–0.91 and r = 0.59–0.93, respectively 
(α = 0.05). The correlation coefficients increased in the 
series HgC – HgD – Hgsusp for Fe and HgC – Hgsusp – HgD 
for Al.

Reactive and Non‑reactive Hg Species

The particulate matter in all water samples from the area 
generally contains greater amounts of non-reactive than 
reactive Hg species (Table 2). Note that the use of H2SO4 
in experiments, which is much stronger than the AMD at 
the Ursk tailings, may lead to partial dissolution of the sta-
ble Hg species (e.g. HgS cinnabar and metacinnabarite, as 
well as HgSe) that are soluble only in aqua regia (Bloom 
et al. 2003). Although the bulk concentrations of Hgsusp 
(HgNR + HgR total) in the Ur downstream of AMD (Fig. 4a, 
Table 2, M7, M10) were within the background (Table 2, 
M1), the Hg fractions in the particulate matter remained sta-
ble, while the percentage of HgR increased. The correlation 
of HgR and HgNR with carbon (TOC and TIC) was signifi-
cant only for the TOC – HgNR pair (r = 0.97; α = 0.01) in the 
Ur River samples (Fig. 4b), both upstream and downstream 
of the AMD input.

Fig. 4   a Reactive (HgR) and 
non-reactive (HgNR) mercury 
in particulate matter (μg/L) 
from AMD and natural waters 
upstream and downstream of 
AMD input into the Ur River; b 
TOC-HgR and TOC-HgNR cor-
relations in natural waters. For 
sampling locations see Table 1 
and Fig. 1. Squares and circles 
in panel (b) refer, respectively, 
to reactive and non-reactive 
mercury species 0.001
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Discussion

Variability in Concentration of Hgtotal and Other 
Elements

The natural average total mercury (Hgtotal) concentra-
tion in the world’s unpolluted rivers ranges from 0.001 

to 0.005 μg/L (Leopold et al. 2010), but local concentra-
tions can be much higher because of a high natural back-
ground (Table 3). The concentration of Hgtotal in the Ur 
River before it receives the AMD drainage from the Ursk 
tailings ranged from 0.02 to 0.32 μg/L, which is up to 
100 times the maximum global background average for 
pristine river settings (Table 3). The markedly increased 
Hg concentrations in the river upstream of the AMD may 

Table 3   Hgtotal, Hgdc and Hgsusp concentrations in natural and mine-influenced waters worldwide

a Hg range in rivers from different areas in the Primoriye region (Russian Far East)

Location Hgtotal, µg/L Hgdc, µg/L Hgsusp, µg/L References

Natural Waters
Rivers worldwide 0.001–0.005 No data No data Leopold et al. (2010)
Rivers upstream of Xunyang Hg mining area (Shaanxi Province 

China)
0.012–0.081 0.007–0.038 0.005–0.04 Qiu et al. (2012)

Idrija River and tributaries, upstream of Idrija Hg Mine (Idrija Hg 
province, Slovenia)

0.0002–0.041 0.00005–0.01 0.0001–0.037 Kocman et al. (2011)

Paglia River, upstream of Abbadia San Salvatore Mine (Monte 
Amiata Hg province, Southern Tuscany, Italy)

0.0032 No data No data Rimondi et al. (2012)

West Siberia (Russia) Rivers in southern Kuznetsk coal 
basin

No data 0.13 No data Malikova et al. (2011)

Ur River upstream of AMD, 
2007 (M1)

0.02 No Data No data Our data

Ur River upstream of AMD, 
2019 (M2)

0.32 0.24 0.08

Ob River No data 0.0006 50 Coquery et al. (1995)
West Siberia/East Siberia bound-

ary (Russia)
Yenisei River No data 0.0003 50 Coquery et al. (1995)

East Siberia (Russia) Selenga River basin  ≤ 0.01 No data No data Roberts et al. (2020)
Lake Baikal  ≤ 0.003
Lake Baikal tributaries No data 0.01–0.06 No data Malikova et al. (2011)
Lena No data 0.0011 120 Coquery et al. (1995)

Russian Far East Primoriye regiona 0.0005–0.048 0.0005–0.003 0.0002–0.014 Shulkin and Ivlev (2013)
Mine-influenced waters
Rivers downstream of Xunyang Hg mining area (Shaanxi Province 

China)
0.0089–23.5 0.0075–0.23 0.00014–23.4 Qiu et al. (2012)

Valdeazogues River (Almaden Hg province, Spain) 0.11–20.3 No data No data Berzas Nevado et al. (2003)
Paglia River, downstream of Abbadia San Salvatore Mine (Monte 

Amiata Hg province, Italy)
0.004–1.4 No data No data Rimondi et al. (2012)

Idrija River and tributaries, downstream of Idrija Hg Mine (Idrija 
Hg province, Slovenia)

0.0007–0.71 0.0002–0.14 0.0004–0.7 Kocman et al. (2011)

Carson River (Sierra Nevada gold-silver region, USA) 0.004–2.1 0.002–0.046 0.002–2.05 Bonzongo et al. (1996)
Russia Ur River downstream of AMD, 

2007 (M7–M10)
0.12–0.4 No data No data Our data

Ur River downstream of AMD, 
2019 (M7–M10)

0.10–1.5 0.07–0.75 0.01–0.71

AMD
Coast Range Hg mineral belt (California, USA) 8–450 3.7–10 4.3–440 Rytuba 2000
New Idrija Hg Mine (California, USA) 0.005–0.42 No data No data Ganguli et al. (2000)
Russia AMD from Ursk tailings, 2007 

(M4–M5)
7–16 No data No data Our data

AMD from Ursk tailings, 2019 
(M4–M5)

25.8–40 22.3–38.4 1.6–3.5
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have two causes: either the started gold production from 
the Zvonchikha placer mine and the related wastewater 
discharge into the creek (M2), or forest fires in the sum-
mer of 2019 in the Irkutsk region. The smoke of the 2019 
fires reached the sampling area, and mercury is known 
to be able to migrate far from fire sources (Scherbov and 
Lazareva 2010). However, the Hgtotal concentrations meas-
ured in the Ur River upstream of the AMD input are com-
parable with those reported for Hg provinces worldwide 
(Table 3), such as Shaanxi Province in China, with the 
Xunyang Hg mining area (Qiu et al. 2012); central Spain, 
with the Almaden Hg area (Berzas Nevado et al. 2003; 
Schmid et al. 2013); the Monte Amiata Hg province in 
southern Tuscany, Italy (Rimondi et al. 2012); and the 
Idrija Hg province in Slovenia (Cerovac et al. 2018; Hines 
et al. 2000; Kocman et al. 2011), etc. (Shevyrev 2013). 
The Ursk study area belongs to the Altai-Sayan mercury 
province in the Salair Ridge, which has a generally high 
geochemical background as it comprises seven volcano-
plutonic belts that host mercury-bearing sulfide deposits 
(Lazareva et al. 2019). The province consists of the Kurai, 
Salair, Altai-Kuznetsk, and Sayan zones and displays mul-
tiple natural Hg anomalies associated with large fault sys-
tems (Kuznetsov 1963, 1976).

The AMD and natural water samples in the Ur River 
network have major ion patterns similar to those in other 
sulfide mines tailings, including Hg provinces (Fig. 5). 
Note that the composition of AMD in different mining 
areas worldwide varies broadly depending on the composi-
tion and water content of the mine wastes, local geomor-
phology (Nieva et al. 2018; Schaider et al. 2014), climate 
(air temperature and precipitation), altitude, and microbial 
activity (Akcil and Koldas 2006). Generally, the AMD 
from many mining sites is rich in sulfate and iron and 

has quite a low pH of 1.7–8.1, 3.6 on average (n = 45), or 
1.7–4.0 (average 2.9 over n = 34) exclusive of high values 
from 4.0 to 8.1 (Naidu et al. 2019; Fig. 6). The low pH 
enhances the ability of AMD to leach metals from tail-
ings and other wastes and rocks and thus increases solute 
concentrations (Naidu et al. 2019). Higher-pH water sam-
ples generally have lower metal concentrations because of 
dilution with natural waters and the precipitation of Fe/
Al oxides-hydroxides upon mixing of AMD with natural 
waters (Bigham 1994; Bigham et al. 1996; Gas’kova et al. 
2007; Murray et al. 2014; Seal and Hammarstrom 2003), 
though some sulfate, Fe, and Al typically remain dissolved 
(Naidu et al. 2019).

The Hgtotal concentrations were highest in the AMD 
headwaters (M4) and middle part (M5) and became 2.5 and 
3.7 times higher in 2019 than in 2007 (reprocessing of the 
wastes began in 2011; Table 2). Compared to the sampling 
results from other Hg provinces (Table 3), the Hgtotal con-
centrations in the Ursk AMD are intermediate between those 
in the New Idrija Hg Mine (California, USA) and the Coast 
Range Hg mineral belt (California, USA), and significantly 
decrease (depending on year, Table 2) downstream (from M4 
to M5). Mercury and other elements can bind to the ochreous 
phases, including jarosite, K-jarosite, schwertmannite, and 
goethite, which precipitate from pH < 3 solutions contain-
ing > 3000 mg/L SO4 (Bigham 1994; Bigham et al. 1996). 
Jarosite can accommodate Hg as ½ Hg2+ in site A (Dutrizac 
and Jambor 2000), while schwertmannite and goethite have 
a high sorption capacity for certain metals (Pb, Cu, Zn, Cd) 
(Murray et al. 2014; Seal and Hammarstrom 2000) and can 
also scavenge some Hg (Gustaytis et al. 2010). Therefore, 
the Hgtotal decreases in AMD away from the tailings (from 
M4 to M5 and partly to M6), which may be due to co-precip-
itation and adsorption of elements with secondary minerals 
that form at higher pH. This inference is consistent with the 
observed SO4 patterns. As shown previously (Gustaytis et al. 
2017), new Hg minerals (sulfides and selenides) can form in 
the organic-rich bottom sediment of the impoundment (M6).

The Hg concentrations in AMD are sensitive to climate 
factors. For instance, Hgtotal concentrations in AMD were 
the highest in April during snow melting, when wastes were 
shed rapidly from the dumps (Gustaytis et al. 2018). Further-
more, enrichment can occur in cold weather by the so-called 
cryo-concentration effect as a result of solution freezing or 
buffering (Lacelle et al. 2007; Ethier et al. 2012). In spring, 
quite high concentrations of Hg, Al, Fe, Cu, Zn, and Pb, 
above those in the AMD (Gustaytis et al. 2014; Myagkaya 
et al. 2014), were measured in a stream of melted snow flow-
ing through the tailings ravine covered by oxide wastes. On 
the other hand, hot weather in the summer (up to 30–35 ºC, 
19.7 ºC on average), can concentrate saline sulfate solutions 
and stimulate microbial activity (Vonk et al. 2015), leading 
to further leaching from the wastes.
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samples collected at different distances to AMD input into the Ur 
River
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High Hgtotal concentrations in the Ur River downstream 
of AMD may be due additionally to partial re-suspension 
of sorbed elements from sediments. Re-suspension results 
from electrostatic interactions on the surface of mineral 
particles (Sarkar et  al. 1999) and breakdown of weak 
bonds (Cossa et al. 2001; Laurier et al. 2003; Mataba et al. 
2016; Tseng et al. 2001). The probability of such a pro-
cess in the Ur River is supported by the fact that the Hg 
concentrations in suspended matter are higher downstream 
of AMD.

Hgtotal Patterns and Water Quality Guidelines

The concentrations of Hgtotal in the Ur River upstream of 
the AMD input (M1; M2; Table 2; Fig. 2) never exceeded 
the guideline value of 6 μg/L recommended for inorganic 
mercury by the World Health Organization (2017) nor the 
maximum permissible limits for drinking, household, and 
recreation water uses according to the Russian environmen-
tal health criteria (Rus-Env = 0.5 μg/L; Water Quality 2000, 
2007). Although in 2019 Hgtotal concentrations in Ur River 
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Fig. 6   Samples of natural surface waters and AMD mine waters in 
the Ursk tailings and the enclosing areas plotted on Pourbaix dia-
grams. a Hg–S–Cl–H2O stable system at 298  K with activities 
for dissolved species of Hg = 10–9  M, S = 10–4  M and Cl = 10–4.5 М 
(Andersson 1979); b Hg–Cl–H2O stable system at 298 K with activ-
ities of dissolved Hg and chloride of 10–6 and 1  M (Brandon et  al. 
2001); c Hg–S–H2O stable system at 298  K with activities of dis-
solved Hg and sulfur of 10–6 and 1 M (Brandon et al. 2001); d Fe-S-
H2O system (hatching shows metastable zone) (Bigham et al. 1996). 
Hg0

(liq) = uncharged liquid metal Hg; subscripts at Hg: (aq) = aque-

ous and (s) = solid Hg species. Hatched symbols refer to stage I 
(2007–2009); plain symbols refer to stage II (2011–2019). Colored 
dashed and dotted lines refer to different species of S (a, c), H2O (a, 
d), and Cl (b); solid lines refer to species of Hg (a–c) and Fe (d); 
green circle = natural waters not affected by AMD (M1 + M2); yel-
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red square = impoundment of AMD supernatant (M6); orange dia-
mond = AMD input into the Ur River (M7); blue square = Ur River 
1–5 km downstream of AMD input into the Ur River (M8–M10)
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upstream of the AMD input reached 32 times the Rus-Agr 
limit (0.01 μg/L) for Fishery Water Quality (2016), local 
people still fish in that stretch of the Ur River.

The Hg concentrations in the quarry lake (Fig. 2, M3), 
where local people swim and fish, did not exceed the WHO 
guidelines (World Health Organization 2017) but exceeded 
the Rus-Agr level recommended for fishery (Fishery Water 
Quality 2016) for the whole period of observations and 
were above the Rus-Env limit (Water Quality 2000, 2007) 
in 2009.

The Hgtotal concentrations in the AMD ((Fig. 2, M4, M5) 
were orders of magnitude in excess of all three guideline 
values (though these waters would not be used for drinking) 
and were 38–500 times the Rus-Agr values in the impound-
ment (M6, Fig. 2).

The Hgtotal concentrations in the Ur River at the AMD 
input (M7; Fig. 2) exceeded the WHO guideline value in 
stage I and the Rus-Env limit in stage II. The Hg concentra-
tions in the Ur River 1 km downstream of the AMD input 
(M8, Fig. 2) exceeded the Rus-Env standard in 2008 and the 
Rus-Agr standard from 2007 through 2019. The average and 
maximum values in the Ur River 5 km downstream of AMD 
at M10 (Fig. 2) exceeded only the Rus-Agr level.

Mercury Fractions

The study area is located in the western part of the Kuznetsk 
coal basin, and rivers in the southern part of the basin gen-
erally have high concentrations of dissolved mercury Hgdc 
(Malikova et al. 2011, Table 3). The relative concentrations 
of dissolved (+ colloidal) and suspended mercury fractions 
in the Ur-AMD system change from Hgsusp < Hgdc in the 
samples from the Ur River and its tributaries upstream of 
AMD (M2, Fig. 2, and A1–A4 Fig. 3), as well as in the 
AMD samples near the tailings (M4, Fig. 2, 3) and in the 
middle AMD segment (M5, Fig. 2, 3), to Hgsusp > Hgdc in the 
impoundment samples (M6, Fig. 2), in the Ur River before 
the AMD input (A6, Fig. 3), as well as downstream of this 
input (M7-M8, Fig. 2, 3).

In natural surface waters in Hg mining areas, Hg com-
monly occurs in particulate matter, and the Hgsusp compo-
nent exceeds the Hgdc (Telmer et al. 2006) because of the 
tendency for Hg to be adsorbed on particle surfaces (Ull-
rich et al. 2001). The average Hgsusp concentration in limited 
samples from Russia’s rivers and lakes is 0.23 μg/L, while 
Hgdc is only 0.09 μg/L (Petrosyan 1999). The respective con-
centrations of Hgdc and Hgsusp in Siberian rivers are shown 
in Table 3 (Coquery et al. 1995) and the average values may 
reach 74 μg/L Hgsusp and 0.0007 μg/L Hgdc. Note though 
that Coquery et al. (1995) apparently overestimated the 
Hgsusp concentration, because the average Hgtotal concen-
tration in the Ob River (between the Tom’ and Irtysh river 
mouths) was reported (Savichev 2003) to be only 0.11 μg/L 

(data for 1990–2002). The percentages of Hgsusp relative 
to Hgtotal in the Zhutong River, together with tributaries of 
other rivers (Gongguan, Shu, River Xun, Qianyou, etc.), in 
the Xunyang Hg mining area (Shaanxi Province, China), 
at pH 7.6–9.5, were in the 35–95% range (65.6% on aver-
age), whereas the Hgdc percentages range from 5 to 65%; 
the respective concentrations range from 0.06 to 9.3 μg/L 
Hgsusp and 0.00021–3.5 μg/L Hgdc. Most often, the Hgsusp 
fraction dominates when total Hg concentrations are high 
(Zhang et al. 2009).

The grain size and composition of the suspended matter 
control the Hg enrichment (Savenko 2006). The partitioning 
of Hg between the solution and the colloid depends on the 
content of dissolved carbon, Fe, and Al, i.e. the main compo-
nents of the colloid-forming systems (Pokrovsky and Schott 
2002). There are two hypotheses concerning the composition 
of colloidal particles: (i) inorganic and organic colloids are 
most often bound to one another (Gu et al. 1995; Koskinen 
and Harper 1990) and to Fe oxyhydroxides; (ii) colloids 
consist either of iron hydroxides or of organic compounds, 
while Al and Fe mainly form inorganic colloids (alumino-
silicates and/or metal oxyhydroxides) not bound to organic 
compounds (Pokrovsky and Schott 2002).

The increase of Hgsusp concentrations in AMD away 
from the Ursk tailings correlates with increasing percent-
ages of particulate matter and higher pH values that cause 
the precipitation of ochreous phases. In addition to the lat-
ter process, dilution of AMD in the Ur River may produce 
organic-mineral colloids or Fe and Al oxyhydroxides (Gu 
et al. 1995; Koskinen and Harper 1990) due to the forma-
tion of Fe(OH)3 and Al(OH)3 and interaction with organic 
components (Kulmatov et al. 1985; Stevenson 1994).

Mercury Speciation

The aqueous speciation of mercury and its mobilization/
immobilization under different conditions can be examined 
using geochemical modeling and Pourbaix (Eh–pH) dia-
grams (Lusilao-Makiese et al. 2013; Navarro et al. 2009; 
Pestana et al. 2000). In oxidized environments, Hg(II) can 
form complexes with C1– (HgCl+ and HgCl2(aq)) in aerated 
waters with low pH (up to 7); HgClOH(aq) and Hg(OH)2(aq) 
complexes can exist at neutral and basic pH values, respec-
tively. In reduced environments, Hg(II) has a high affinity 
with sulfide and forms insoluble HgS(s) (Davis et al. 1997) 
or Hg0

(liq) (Fitzgerald et al. 2007). Mercury is rarely present 
as free Hg2+ in aqueous solutions because of its affinity for 
sorption onto solid particles and complexation, especially 
with chlorides and organic ligands (Schuster 1991; Walls-
chläger et al. 1998a, b). Mercury complexes with organic 
ligands are stable under reduced conditions over a large 
range of pH values (Tromans et al. 1996). The adsorption of 
Hg cations on clay minerals, oxides, and organic compounds 
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depends on pH (Biester et al. 1999): Hg(I) is unstable in 
aqueous solutions at neutral pH, unlike Hg(II), but occurs 
as Hg2

2+ in low-pH environments where it can dispropor-
tionate to Hg(II) or Hg0

(liq) in the presence of OH–, F–, or 
CN– (Davis et al. 1997).

For example, most of the mercury in the Camaqua river 
basin (southern Brazil) with pH 5.8–7.1 and Eh 70–254 mV 
occurs as Hg0

(liq), which explains its relatively low mobility 
(Pestana et al. 2000). In southeastern Spain, Hg mineraliza-
tion consists of low-sulfidation epithermal hot-spring depos-
its in the Betic Ranges (e.g. Valle del Azogue Mine). As 
shown by equilibrium speciation modeling using data from 
two old mines (Navarro et al. 2009), the main Hg species in 
solutions that modeled rainwater and reacted with the wastes 
can be Hg0

(liq) and Hg(OH)2(aq) for the Bayarque Mine (pH 
8.3, Eh 59 mV, Hg 0.8 μg/L), and also HgCl2(aq), HgCl3– and 
HgClOH(aq) for the Valle del Azogue Mine (pH 7.4–8.1, Eh 
from − 60 to 219 mV, Hg from 716 to > 2000 μg/L) due to 
high concentrations of Hg and chloride. However, Navarro 
et al. (2009) note that errors in Eh and pH may lead to devia-
tion from the real conditions used as inputs to geochemi-
cal models. The pH dependence of Hg speciation was also 
reported from the West Rand region (Gauteng, South Africa) 
for the case of the Randfontein waters, with average and 
maximum Hgtotal of 0.05 μg/L and 0.22 μg/L, respectively, 
and with pH values ranging from 2.9 to 5 and Eh values 
ranging from 260 to 620 mV (Lusilao-Makiese et al. 2013); 
these waters contain mercury mostly as Hg0

(liq) at pH 5–8 
and as HgCl2(aq) at pH 2–3. Possible Hg species predicted by 
geochemical modeling (Lusilao-Makiese et al. 2013) were 
HgClx

+2−x, Hg2+ and HgClOH(aq), as well as HgSO4(aq) 
in water with a pH of 2.9 (mining area), and Hg(OH)2(aq), 
HgClx

+2–x and HgClOH(aq) in pH 3.1 water (hunting area). 
Lusilao-Makiese et al. (2013) used these modeling results 
to infer that pH increases may lead to removal of dissolved 
Hg from water as Hg0

(liq) and Hg(OH)2(aq), or as HgS(s) in 
low-Eh conditions, which reduces the mobility and toxicity 
of mercury.

The Hg concentration trends in the AMD-Ur River sys-
tem can be illustrated by plotting the data from the Ursk area 
from stages I and II on Pourbaix diagrams (Fig. 6) for the 
stable systems Hg–S–Cl–H2O (Andersson 1979), Hg–Cl-
H2O and Hg-S-H2O (Brandon et al. 2001), as well as for the 
system Fe–S–H2O. Below we discuss first the Hg species in 
AMD (M4–M5) and impoundment (M6) samples and then 
those in natural waters not affected and affected by AMD. 
The calculations for the system Hg–S–Cl–H2O (Fig. 6a) 
show that main Hg species in mining-related waters (AMD 
and impoundment, M4–M6) is HgCl2(aq) (Andersson 1979), 
for the whole observation period. The complex HgCl42− can 
be expected to dominate in wastewater samples (Fig. 6b), 
according to the calculations for Hg–Cl–H2O (Brandon 
et al. 2001), and chloride complexes may be responsible for 

higher Hg concentrations in Cl-rich AMD (Table 2) than 
in natural waters. On the other hand, natural waters may 
have lower Hg inputs or be diluted. However, the sampled 
wastewaters also contained less abundant Hg(I) – Hg2

2+ spe-
cies, which predominated in AMD for the whole observation 
period, as shown in the Hg-S-H2O diagram (Fig. 6c), where 
the Hg(I)–Hg2

2+ species has a small stability field next to 
the fields of Hg and HgSO4(aq). Furthermore, thiosulfate 
complexes, such as Hg(SO3)2

2−, can control Hg mobility 
under metastable conditions (Brandon et al. 2001). Such 
complexes may exist in AMD and reach significant percent-
ages. The pH-Eh values in the Ursk AMD vary both in space 
(away from the tailings) and in time (stages I and II). The 
Hg2

2+ stability field is very narrow, and Eh–pH changes 
may markedly affect Hg mobility. The AMD sample close 
to the tailings (Fig. 6c, M4–M5) is predicted to be in the 
Hg2

2+ field; acidic samples away from the tailings such as 
impoundment (M6, Fig. 6c) were within the stability field of 
HgSO4(aq) in stage I but remained within the stability field of 
Hg2

2+ in stage II. Furthermore, the pH and Eh values of the 
AMD samples (brown circles and red squares) fell within the 
stability field of jarosite during stage I but were at the sta-
bility margins of other Fe minerals and within the goethite 
stability field for sample M5 during stage II (Fig. 6d). Ther-
modynamic modeling for sulfide tailings of the Berikul pro-
cessing plant (Gas’kova et al. 2007) predicted several steps 
of oxidation leaching and formation of secondary Al and 
Fe minerals: alunite–jarosite–goethite (from early goethite 
to a late stable phase), which is consistent with the series 
jarosite–schwertmannite–ferrihydrite–goethite of Bigham 
(1994). The possibility for Hg to incorporate isomorphi-
cally into site A in the structure of jarosite-group minerals 
(AFe3(SO4)3(OH)6, where A is H3O+, Na+, K+, Ag+, ½ Pb2+ 
or ½ Hg2+) was shown for Hg-jarosite synthesized in the 
laboratory (Dutrizac and Jambor 2000). The concentrations 
of Hgtotal in the AMD samples (M-4–M-5, Table 2) increased 
during stage II, while measured Eh–pH values showed the 
samples moving to the goethite stability field. Thus, the Hg 
mobility could depend on the formation of jarosite, and the 
potential for Hg to be incorporated into the mineral.

Calculations for the system Hg–Cl–H2O (Fig. 6b) predict 
that HgCl4

2− can be a dominant Hg species in the natural 
waters of the Ursk area as well (quarry lake and Ur River 
upstream and downstream of AMD), which does not con-
tradict the data on Hg speciation in aerated neutral pH water 
(Davis et al. 1997; Lusilao-Makiese et al. 2013). The cal-
culated results for the systems Hg–S–Cl–H2O (Fig. 6a) and 
Hg–S–H2O (Fig. 6c) show that the Ursk natural waters plot 
close to the line that divides the Hg0

(liq) and Hg(OH)2(aq) 
stability fields. This may be evidence that the dividing line 
traces the species change in potential-forming element(s). 
Similar results were reported, for instance, for hot springs in 
the Uzon caldera (Dobretsov et al. 2015). Either Hg0

(liq) or 
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Hg(OH)2(aq) species dominate in different diagrams of Fig. 6: 
Hg(OH)2(aq) in panel a and Hg0

(liq) in panel c, which agrees 
with modeling showing that either Hg0

(liq) or Hg(OH)2(aq) 
may prevail in neutral-pH environments (Andersson 1979; 
Davis et al. 1997; Lusilao-Makiese et al. 2013; Navarro 
et al. 2009; Pestana et al. 2000). However, much of the Hg is 
expected to occur as charged organic complexes, HgH-1L−1 
(L stands for the organic component of the ligand; chemical 
structure unstated). This inference stems from calculations 
of Tromans et al. (1996), given the organic enrichment of the 
local natural waters (Table 2) and their Eh–pH values, which 
correspond to the stability of ferrihydrite and can result in 
sorption of Hg (Fig. 6d).

Reactive and Non‑reactive Mercury Species

Our results, with reference to published geochemical mod-
eling data (Andersson 1979; Brandon et al. 2001; Lusilao-
Makiese et al. 2013; Navarro et al. 2009; Pestana et al. 
2000), show that the ‘Ur River-AMD’ system may con-
tain the following Hg species and compounds: HgCl2(aq), 
Hg(OH)2(aq), Hg2+, Hg0

(liq), Hg(SO3)2
2−, HgSO4(aq) (as impu-

rity in jarosite), and HgH-1L−1. HgCl2 is soluble in deion-
ized water (Bloom et al. 2003) and is thus a reactive species 
(HgR). Other reactive Hg species include Hg2+, which can 
be adsorbed by OH groups on the surfaces of compounds 
(Walcarius et al. 1999); metallic Hg0

(liq) (Ganguli et al. 
2000); HgH-1L−1 (Tromans et al. 1996); HgX2, HgX3

-, and 
HgX4

2− (X = Cl–, OH–, Br–); HgC2O4; and Hg2+ complexes 
with organic acids (Lindqvist and Rodhe 1985). The non-
reactive species (HgNR) include HgSO4(aq) and, possibly, 
HgS(s) and CH3Hg+, which Lindqvist and Rodhe (1985) 
classified as reactive species. Furthermore, Hg2+ can form 
a stable complex with thiol (mercaptan) groups (Beckers 
and Rinklebe 2017), which is the main complex associated 
with Hg transport in water systems (Ullrich et al. 2001) and 
is insoluble at acidic pH (Bloom et al. 2003). Most HgNR 
species originate from minerals and compounds common 
to the natural organic matter of the swampy ravine in the 
Ursk tailings: HgS (cinnabar), m-HgS (metacinnabar), HgSe 
(tiemmanite), Hg sulfohalides corresponding to perrudite 
(Ag4Hg5S5(I,Br)2Cl2), and minor Hg components in primary 
pyrite (Myagkaya et al. 2016b, 2017, 2020; Saryg-ool et al. 
2017). These Hg minerals are poorly soluble in water and 
weak acids (Bloom et al. 2003; Mikac et al. 2002); HgS 
(cinnabar and metacinnabarite) or HgSe can dissolve only 
in aqua regia (Bloom et al. 2003). Thus, they are likely to be 
stable in AMD. Mercury migration as Hg minerals in sus-
pension was also reported from other Hg provinces (Beckers 
and Rinklebe 2017; Ganguli et al. 2000).

The percentage of reactive species in the Hgsusp compo-
nent from the Ur River samples upstream of the AMD was 
8–10%, while the AMD samples contained only 2.8–4.1% 

Hgsusp, although the Hg concentrations were high. The per-
centage of Hgsusp increased to 22% downstream of the AMD 
input, while the HgR fraction increased, possibly due to the 
increasing Hg2+ that co-precipitated with and was sorbed 
by secondary ochreous phases (Dutrizac and Jambor 2000; 
Murray et al. 2014; Seal and Hammarstrom 2000). We have 
observed no correlation between HgR and TOC, i.e. the 
amount of HgH-1L−1 complexes was minor, but the Hgsusp 
concentrations in the natural waters up- and downstream of 
the AMD input, as well as the HgNR concentrations, cor-
relate with TOC (Fig. 4b). Therefore, Hg in the particulate 
matter is most likely bound to insoluble organic components 
from the Ur River and to primary mineral particles (e.g. 
pyrite from ores) and secondary minerals (jarosite group).

Mercury in the Ur River, both up- and downstream of 
the AMD, can exist as methylmercury because fulvic and 
humic acids are sources of methyl groups. Methylation is 
possible at pH 6–8 for humic acid and pH 0–12 for fulvic 
acid, at Eh > 0.5 mV, and in the presence of organic matter 
(Ullrich et al. 2001). Note that interactions of Hg with humic 
substances may lead to Hg2+ reduction to Hg0

(liq) in water 
systems, which decreases the total amount of dissolved Hg 
(Ullrich et al. 2007). Conditions for the methylation reaction 
(Ullrich et al. 2001) exist all along the Ur River, judging by 
the TOC and Hg concentrations (Table 2) and the correla-
tion of TOC (Fig. 4b) with HgNR (including CH3Hg+). The 
extremely high toxicity of CH3Hg+ (World Health Organiza-
tion 1990) poses risks to aquatic life and fish consumption. 
Organic carbon was also present in the AMD (M4 and M5; 
Table 2), but does not correlate with HgNR (though Hgtotal 
was highest in the AMD), and most of the Hg in particulate 
matter migrates with mineral particles, which makes meth-
ylation in the AMD unlikely. Mining in the Salair region led 
to Hg increases in the system both upstream (gold produc-
tion from the Zvonchikh placer) and downstream (Eh–pH 
change) of the AMD input to the Ur River, as well as in the 
AMD itself.

Currently, mine wastes are attracting much attention 
worldwide as a potential source of useful components. With 
the technological advances in the recovery of metals, the for-
mer wastes could potentially be considered ores. However, 
reprocessing requires special caution and responsibility. It 
must be preceded by geochemical characterization and labo-
ratory test work, because remining may trigger releases of 
toxic elements to the environment.

Summary and Conclusions

The study of Hg concentrations, fractions, and aqueous spe-
ciation in the Ur River system and its tributaries interacting 
with AMD in the area of the Ursk sulfide tailings (Salair 
Ridge area, Altai-Sayan mercury province) from 2007 
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through 2019, before the onset of reprocesssing operations 
at the Barit Plant in 2011 (stage I: 2007, 2008, and 2009) 
and after 2011 (stage II: 2011, 2012, 2014, 2016, and 2019), 
led to the following conclusions:

1.	 Reprocessing of cyanide wastes of the Novo-Ursk sulfide 
gold deposit (Ursk tailings) by the OOO Barit Company 
since 2011 has changed the composition of the AMD 
and caused TDS decreases from 5.7 to 2.5–2.6 and a pH 
increase from 1.9–2.1 to 3.1–3.3. Discharge of wastewa-
ters into the AMD stream led to a flow rate increase, and 
major cations and TDS in the Ur River sampled down-
stream of the AMD input were greater than upstream of 
this input, especially in 2011.

2.	 The natural Hgtotal concentrations in the Ur River 
upstream of the AMD input were quite high (0.02–
0.32 μg/L) due to the Altai-Sayan Hg province’s high 
geochemical background. The surface water system is 
being additionally loaded by ongoing mining and pro-
cessing operations, including gold production from the 
Zvonchikha placer since 2013–2014 and reprocessing 
of dumped wastes at the Ursk tailings site. The Hgtotal 
concentrations in the AMD ranged from 7 to 40 μg/L 
for the observation period. The Ur River downstream of 
the AMD input contains much more Hg than the non-
affected water upstream of it (0.1–1.5 μg/L).

3.	 The mercury enrichment (Hgtotal concentrations) in the 
AMD source was about three times greater during moni-
toring stage II than during stage I. The Hg concentration 
in AMD decreased by a factor of 1.5–2.5 away from the 
tailings. The high Hg concentrations at the source may 
have been associated with slightly elevated pH values 
that hindered the precipitation of jarosite (which can 
bind Hg as an isomorphic impurity), whereby the Hg in 
the source waters remained mobile.

4.	 Mercury in the Ur River and in the AMD occurs primar-
ily in Hgdc and Hgsusp fractions. The Hgdc fraction domi-
nates over Hgsusp upstream of the AMD input, whereas 
more Hg is transported with suspended matter down-
stream of the AMD input (Hgsusp > Hgdc). In the AMD 
stream, the fractionation changed from equal amounts of 
Hgdc and Hgsusp during stage I to prevalent Hgdc at stage 
II.

5.	 Mercury in water behaves in reactive and non-reactive 
ways. The percentage of HgNR is higher than HgR in the 
particulates of the Ur River and in the AMD samples. 
Stable Hg compounds are expected to be present largely 
as organic complexes, including CH3Hg+, judging by the 
correlation of HgNR with TOC in the Ur River both up- 
and downstream of the AMD. The high HgNR concentra-
tions in the AMD samples are due to primary and sec-
ondary Hg minerals (HgS, m-HgS, HgSe, jarosite, etc.). 
Reactive mercury may occur as Hg0

(liq), Hg(OH)2(aq), 

and HgCl2(aq) species or as Hg2+ adsorbed to OH groups 
on mineral surfaces.

6.	 Long-term monitoring of the ‘AMD – Ur River’ sys-
tem, with a focus on Hg behavior and speciation тo 
ecть (dissolved, colloidal, and suspended), reveals that 
Hg contamination of the Ur River has occurred since 
initial mining and reprocessing of the sulfide tailings. 
The tailings will remain unstable and hazardous long 
after reprocessing. Consequently, environmental studies 
should have been conducted prior to the mining and the 
onset of the reprocessing operations to prevent further 
pollution, especially with Hg.

7.	 The reported results have important implications for 
Hg pollution from mining and processing activities in 
natural river ecosystems with varying environmental 
and geochemical conditions (pH, Eh, TOC, tempera-
ture, etc.). These results are of interest for comparative 
analysis of Hg migration in similar aquatic ecosystems 
exposed to anthropogenic releases and in provinces with 
naturally elevated Hg background concentrations.
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